Determination of long-lived radionuclides is critical for environmental radioactivity investigation, environmental processes studies and decommissioning of nuclear facilities. This paper summarizes main progress in the radiochemical analysis in our laboratories in the past years for determination of ultra-low level radionuclides in the environment using chemical separation combined with mass spectrometry measurement. The analytical methods for determination of ultra-low level 129 I and its chemical species in various environmental samples are highlighted. The methods developed in our laboratories for characterization of decommissioning waste, especially the methods for the determination of difficult-to-measure radionuclides using sequentially chemical separation and radiometric measurement are also briefly presented. This is also a part of the Hevesy Medal award lecture in the RANC2019 conference.
Introduction
Large amounts of anthropogenic radionuclides have been released to the environment by human nuclear activities, meanwhile the industrial activities also significantly increased the level of naturally occurring radionuclides in regional environment. The impact of these enhanced level of radionuclides to the environment and ecosystem has become a highly concerned topic. Meanwhile, radionuclides entered into the environment also provide good tracers for the investigation of environmental processes because of their unique source terms. For these purposes, the accurate determination of these radionuclides in various environmental media is needed. Because the concentrations of these radionuclides in the environment are normally very low, highly sensitive measurement techniques are important. Besides some gamma emitting radionuclides, most of long-lived radionuclides are pure beta and alpha emitters, effective chemical separation of the target radionuclides from the sample matrix and other interfering radionuclides and elimination of the interference for the instrumental measurement are critical for their reliable determination. In the recent years, our laboratory has developed, upgraded and improved a number of analytical methods for the determination of long-lived radionuclides and their chemical species in various environmental samples, e.g. 99 Tc, 129 I, 135 Cs, 210 Po, 226 Ra, 222 Rn, 239 Pu, 240 Pu, 237 Np and 236 U, which have been used for environmental trace studies, such as movement and interaction of water masses in the seas/oceans, dispersion and deposition of radioactive substances and other air pollutions, identification of the sources of radioactive substance and estimation of the contributions of these sources to the corresponding environment, and tracing soil erosion and sedimentation.
Since the application of atomic energy from 1940's, large number of nuclear facilities have been established all over the world. Some of them have been closed, and many of them are going to be closed in the coming years due to their life of 40-60 years. Figure 1 shows the number of nuclear power reactors closed and to be closed in the world [1] . These closed nuclear facilities have to be well decommissioned to release the sites for other purpose. In all processes of decommissioning, including preparation by background radioactivity investigation of the site, cleanout by removal of spent nuclear fuel, decontamination by removal of contaminant from the surface of the facilities and devices, dismantling by cutting, demolition, waste removal and site clearance, waste depository by classification of the produced waste and site release by measurement of the site, various radionuclides in the relevant materials have to be determined for suitable treatment and final repository of the produced wastes, management of the decommissioning process and evaluation of the decommissioning quality. For these purposes, the analysis of various decommissioning samples for their radiological and chemical characterization is the most important issue. Among them, the determination of various difficult-to-measure radionuclides is the major challenge, because of complicated and unknown composition of sample matrix, significant difference in the radioactive level of radionuclides, instability of some volatile radionuclides, and complicated chemical properties and chemical species of some radionuclides. Since 2000, our laboratory has developed a series of radioanalytical methods for determination of difficult-to-measure radionuclides (e.g. 3 H, 14 C, 36 Cl, 41 Ca, 55 Fe, 63 Ni, 93 Mo, 94 Nb, 99 Tc, 129 I, 135 Cs and actinides) in various decommissioning samples such as concrete, graphite, metals, resin, filters, etc. These methods have been successfully applied in the characterization of decommissioning waste of research and power reactors, hot cells and other nuclear facilities, as well as wastes from the operational power reactors. This paper aims to summarize the radioanalytical methods developed in our laboratories in the past years for analysis of environmental samples and decommissioning waste. Both chemical separation of various radionuclides from matrix and interferences and their measurement techniques are presented.
Major sources of radionuclides in the environment
Since 1940's, large amount of anthropogenic radionuclides have been released to the environment by human nuclear activities, mainly from atmospheric nuclear weapons tests before 1980, spent nuclear fuel reprocessing plants, nuclear accidents, and small amount from operation of nuclear facilities and medical application of radionuclides in the hospitals. United Nations Scientific Committee on Effects of Atomic Radiation (UNSCEAR) has reported a comprehensive dataset on the radionuclides released from nuclear activities to the environment until 1998 [2] . Up to 2013, 2055 nuclear weapons tests were conducted all over the world. Among them, 520 tests were conducted in the atmosphere in . Large amount of radionuclides were released during the weapons testing. Some of them were injected to the stratosphere and dispersed in large scale and deposited all over the world, especially for those of high yield tests. Meanwhile, some radionuclides were released to the troposphere and deposited regionally. [1] Up to now, two large nuclear accidents happened in April 1986 in Chernobyl NPP and in March 2011 in Fukushima Daiichi NPP (FDNPP) have released large amount of radionuclides to the atmosphere, causing a relative high radioactive deposition in the Europe during Chernobyl accident and in Japan during the Fukushima accident. FDNPP has also discharged some fraction of liquid radioactive substance to the sea, caused significantly increased radioactivity in the seawater off Fukushima [3] . In addition, some relative small scale accidents also occurred and released some radionuclides to the environment. The accident of a graphite reactor at Windscale (UK) in 1957 had released 1 × 10 15 Bq of 131 I and 9.4 × 10 13 Bq of 90 Sr to the atmosphere. An explosion in a plutonium production plant in Kyshtym (USSR) in1957 released 2 × 10 15 Bq of 90 Sr and 3 × 10 13 Bq of 137 Cs. Accidents of aircrafts carried nuclear weapons happened in Palomares (Spain) in 1966 and in Thule (Greenland) in 1967 have released some amount of plutonium and americium to the environment. A satellite (SNAP-9A) with 238 Pu as fuel fell down and burned over Indian Ocean in 1964 and released 6.3 × 10 14 Ba 238 Pu to the atmosphere, and another satellite fueled with a nuclear reactor fell down and burned over Canada in 1978 and released 2 × 10 14 Bq of 131 I, 3 × 10 12 Bq of 90 Sr and 137 Cs to the atmosphere.
Many spent fuel reprocessing plants have been in operation in USA, Russia, Japan, Germany, France, India and China for separation of uranium and plutonium from the used fuel, some radionuclides have been released to the atmosphere and to the seas during their operation. Among them, the reprocessing plants at Sellafield (UK) and La Hague (France) are the major ones which reprocessed large amount of nuclear fuel from production and power reactors, meanwhile discharged large amount of radioactive substance to the seas and atmosphere [4, 5] . Compared with the above three sources, the amount of radionuclides discharged to the environment from the operation of nuclear reactors, isotope production and medical application in the hospital is minor (UNSCEAR 2000) . Table 1 presents the amount of major long-lived radionuclides released to the environment from the nuclear weapons tests, reprocessing plants (Sellafield and La Hague) and nuclear accidents in Chernobyl and Fukushima. It can be seen that the major contribution of the anthropogenic radionuclides in the environment (excluding those remained in the spent nuclear fuel and stored as nuclear waste) is the atmospheric nuclear weapons tests, they caused a deposition of anthropogenic radionuclides all over the world. Figure 2 shows temporal variation of the measured 137 Cs and 90 Sr concentrations in aerosol samples collected at Risø, Denmark from 1950's to the present. The highest levels of 137 Cs and 90 Sr in the aerosol were observed in early 1960's when large numbers of atmospheric nuclear weapons tests were conducted in 1961-1962 by USA and USRR. Declined levels of 137 Cs and 90 Sr with some small peaks were observed afterwards because some atmospheric nuclear weapons tests were conducted by UK, France and China, which completely ceased in 1980. This caused a continuously decreased level of 90 Sr in the aerosol. Two peaks of 137 Cs levels were clearly observed in 1986 and 2011, which were attributed to the releases from Chernobyl and Fukushima accidents, respectively.
Although most of anthropogenic radionuclides in the environment were released from the atmospheric nuclear weapons tests, some radionuclides such as 129 I and 99 Tc in the environment were dominantly originated from the discharges of nuclear fuel reprocessing plants at La Hague and Sellafield. Most of 129 I (> 85%) and 99 Tc (> 99%) originated from the two reprocessing plants were discharged to the seas (Irish Sea and English Channel, respectively). Figure 3 shows the temporal variation of the amount of 129 I and 99 Tc discharged to the seas from the two reprocessing plants [4] [5] [6] . Among them, Sellafield reprocessing plant is the major source of 99 Tc, while 129 I was mainly discharged from La Hague reprocessing plants. The unique source terms and specific feature of discharge profiles of the two reprocessing plants combined with the high water solubility and conservative feature of iodine and technetium in the ocean make the reprocessing derived I and 99 Tc very good oceanographic tracers for investigation of water mass movement and interaction. Besides the marine discharges, about 800 kg of 129 I was also released to the atmosphere from these reprocessing plants. Meanwhile 129 I discharged to the seas might be also re-emitted to the atmosphere. Gaseous iodine (e.g. alkyl iodide) has a relative long residence time in the atmosphere [6] , the reprocessing derived 129 I in the atmosphere can be also used to trace the atmospheric dispersion and deposition of radioactive iodine and other air pollutions.
Determination of ultra-low level radionuclides in the environment
For the environmental radioactivity and radioecology investigation and environmental tracer studies using radionuclides, sensitive and reliable analytical methods are critical. The major gamma emitting radionuclides (e.g. 134 Cs, 137 Cs, 131 I, 210 Pb, 241 Am, etc.) can be directly measured using gamma spectrometry after some pre-treatment. However, many long-lived radionuclides important for tracing environmental processes are pure beta or alpha emitters and present in low or ultra-low concentration in the environment, they have to be chemically separated from a large size of samples and all interfering isotopes before measurement using radiometric or mass spectrometric methods. A series of chemical separation procedures and sensitive methods for the measurement of the major radionuclides in the environment were developed in our laboratory, which are briefly presented in this paper. The chemical species of radionuclides is critical for their behaviors in the environment and therefore important for estimation of their impact and application of them for tracing environmental processes. A number of chemical speciation methods have been developed in our laboratory. Here, the major methods for speciation analysis of iodine isotopes in water, air, aerosol, soil and sediment samples are briefly presented.
Chemical separation of radionuclides from environmental samples
Various methods can be used for separation of radionuclides from the samples depending on the sample type and properties of the target radionuclides. Besides conventional precipitation, solvent extraction, ion exchange chromatography, extraction chromatography becomes a more often used method in the recent years. The solid samples have to be first decomposed to release the target radionuclides to solution before separation, and a pre-concentration such co-precipitation or exchange chromatography is often applied for preconcentration of target radionuclide from large size of water samples. While, radionuclides in air have to be collected by selective adsorption or filtration, and then treated as liquid or solid sample. A few chemical separation procedures for determination of radioisotopes of cesium and strontium, 99 Tc, isotopes of plutonium neptunium and uranium developed in our laboratory are presented below.
Separation of cesium from water samples for the determination of 134 Cs, 135 Cs, 137 Cs
Selective adsorption is the most often applied method for separation of cesium from big-size water sample up to 1000 l. Powder of ammonium molybdophosphate (AMP) and potassium cupriferrocyanide (K 2 CuFe(CN) 6 , KCuFC) are the most often applied adsorbents for this purpose [7, 8] . AMP was used to separate cesium from water (seawater or fresh water) in acidic medium, the sample is often acidified to pH2 on-site during sample collection using HCl. AMP powder is directly added to the sample solution (stable cesium or 134 Cs is added as chemical yield tracer) and mixed by stirring for 1-2 h. After settling for a few hours (or overnight), the AMP powder is separated by discarding the supernatant, and collecting the sludge AMP on a filter paper. 134 Cs and 137 Cs adsorbed on the AMP powder are then measured using an HPGe gamma detector. The chemical yield is measured by determining stable cesium in the sample solution before and after separation, or 134 Cs in the separated sample by gamma spectrometry and compared with the spiked amount (if no 134 Cs is present in the samples). A high recovery of more than 95% can be often obtained. 135 Cs as a long-lived (2.3 × 10 6 years) pure beta emitter is also adsorbed on the AMP, for its determination, a further separation from interferences such as 135 Ba for ICP-MS measurement has to be implemented. For some water samples, a pre-filtration through a filter is necessary for removal of any suspending substance/colloids in the water sample, to obtain water soluble radiocesium concentration and a better chemical yield.
For more than 100 l water samples, the AMP method is not suitable for operation, especially on board of a scientific vessel. In this case, a cartridge impregnated with potassium cupriferrocyanide (K 2 CuFe(CN) 6 ) or other transition metal ferrocyanides (such as Cu 2 Fe(CN) 6 , KTiFe(CN) 6 , etc.) can be used [9] . This type of material also has a very high selectivity and capacity for adsorption of cesium (Kd of 10 5 ) in neutral or slight acidic media. For preparation of potassium cupriferrocyanide cartridge, a polypropylene cartridge is first impregnated to cupric sulfate solution, then to a solution of potassium hexacyanoferrate(II), K 2 CuFe(CN) 6 ) precipitate is formed on the cartridge, which can be mounted to the cartridge holder ( Fig. 4 ) after dried. Seawater sample can be directly pumped through two sequentially connected cartridges after past through a pre-filtration cartridge for removal of suspended substance. The chemical recovery can be monitored using stable cesium or 134 Cs spiked to the sample before separation, a recovery of more than 80% is often obtained for two sequential cartridges. Radiocesium on the cartridge can be measured using gamma spectrometry after dried and ashed at low temperature (< 450 °C).
AMP and KCuFC were also prepared as resin material and commercialized by Triskem International Company for chromatographic separation of cesium (AMP-PAN and KNiFC-PAN). With these resins, a further separation of radiocesium from other radionuclides of similar properties (e.g. Rb, Ba) can be implemented for improving the detection limit of radiocesium. Figure 4 shows an analytical procedure for determination of radiocesium in water samples in our laboratory.
Separation of strontium for determination of radiostrontium ( 89 Sr and 90 Sr)
Radiostrontium is one of the most important radionuclides in the environment, because of the high fission yield of 1 3 235 U and 239 Pu and consequently high releases from human nuclear activities. Both 89 Sr and 90 Sr are pure beta emitters, a complete separation of strontium from sample matrix and all other radionuclides are needed for its measurement. The traditional separation techniques for strontium from environmental samples and interfering radionuclides mainly rely on the specific feature of strontium including low solubility Sr(NO 3 ) in high concentration of HNO 3 solution (> 70%), and low solubility of SrCrO 4 compared to chromate of Ba and Ra, and precipitation of strontium rhodizonate precipitation. Although these methods were successfully applied for determination of radiostrontium in environmental samples for many decades, it is very tedious and time consuming, and application of fuming nitric acid and chromate is also harmful and expensive.
A number of methods have been developed to simplify the separation procedure and to improve the detection limit. In our laboratory, an analytical procedure without application of harmful fuming nitric acid and chromate was developed for analysis of large-size water samples (seawater and fresh water) for determination of 89 Sr and 90 Sr. Strontium was first separated from large volume of water (up to 100 l) by precipitation of strontium as SrCO 3 after addition of stable strontium as carrier, and then carbonate (e.g. (NH 4 ) 2 CO 3 ). Calcium in the sample in a high concentration was also precipitated as CaCO 3 in this step. A precipitation of hydroxide step was therefore followed to remove calcium based on lower solubility of Ca(OH) 2 in a relative high concentration of NaOH solution (0.2-0.5 mol/l) compared to Sr(OH) 2 . 85 Sr (a gamma emitter) can be used as chemical yield tracer in this step. For removal of the interferences of radioisotopes of Ra, the separated strontium solution was settled for 2-3 weeks for the ingrowth of its decay daughter 90 Y after addition of stable yttrium. Sulfuric acid was then added to the sample solution, and the formed sulphate precipitate of SrSO 4 , RaSO 4 and BaSO 4 were removed by filtration, and 90 Y remaining in the solution was then separated by precipitation of Y 2 (C 2 O 4 ) 3 by addition of H 2 C 2 O 4 under a slightly acidic condition. The chemical yield of yttrium can be measured using yttrium spiked to the samples solution by gravimetry or ICP-OES. 90 Y in the precipitation was measured using an ultra-low background GM counter (Risø multicounter), and 90 Sr concentration can be calculated according to the ingrowth time and chemical yields. The overall chemical yield (including Sr and Y) is normally higher than 85% [10] . Figure 5 shows the analytical procedure of this method for determination of 90 Sr in large volume of water samples. It should be mentioned that for the analysis of fresh water samples, some amount of calcium needs to be added to improve the chemical recovery of strontium in the first step. This procedure has been successfully applied in our laboratory for routine analysis of environmental samples for more than 15 years, and demonstrated to be robust and accurate method for determination of ultra-low level 90 Sr in large-size samples with high strontium content.
The method presented above is still time consuming and applicable only for 90 Sr, especially because of long waiting time for ingrowth of 90 Y. Another method was also developed for rapid determination of both 89 Sr and 90 Sr by using extraction chromatographic separation. In this method, strontium in the sample leachate (from solid samples, such as soil, sediment, and ash of vegetable and tissues) or small size of water samples (< 2 l) was first separated from sample matrix by precipitation of SrC 2 O 4 at pH2 after addition of small amount of stable strontium carrier. A Sr(NO 3 ) 2 precipitation is followed to separate strontium from most of interfering radionuclides (e.g. radium and barium isotopes) by addition of small amount of fumming nitric acidic (< 10 ml). The separated Sr(NO 3 ) 2 was dissolved in water and prepared in 8 mol/l HNO 3 solution, which was then loaded to a Sr-resin column (2-4 ml depending on the sample size and estimated Sr content). After rinsing with 8 mol/l HNO 3 , strontium on the column was eluted using 0.01 mol/l HNO 3 , which was directly used for measurement of 89 Sr and 90 Y using liquid scintillation counter by counting Cherenkov radiation of 89 Sr immediately after separation, and then re-counting after 1-3 weeks for the Cherenkov radiation of 90 Y + 89 Sr, to obtain both 89 Sr and 90 Sr concentrations. 90 Sr can be also measured by LSC with addition of scintillation cocktail after the Cherenkov counting for 89 Sr. In this case, no waiting time for ingrowth of 90 Y is needed and the results can be obtained in a short time (< 1 day, including the chemical separation and measurement). The chemical yield of strontium in all procedure was measured by determination of stable strontium before and after separation using ICP-OES. Figure 6 shows the analytical procedure of this method. This method is relatively simple and rapid, but not suitable for the analysis of large-size of samples (e.g. seawater). The main reason is the relative low capacity of Sr-resin. For a 2 ml column, normally 2 mg of stable strontium can be separated, high amount of stable strontium in the sample requires a large column and large amount of resin, which will increase the expenses of the analysis and prolong the analytical time.
Separation of technetium for determination of 99 Tc
Technetium is a radioactive element without any stable isotope. 99 Tc is a long-lived (2.1 × 10 5 years) radionuclide and the major isotope of technetium occurred in the environment. Due to its high fission yield (6.1% for 235 U) and high mobility in the environment, it is one of the most important radionuclides in the environmental radioactivity investigation and waste repository [11] . Technetium is volatile at relative high temperature, its stability in the separation procedure is critical for its determination. We have investigated the stability of technetium in different sample matrices during ashing and heating [12] . It was found that technetium is not stable in HCl medium during evaporation, while it is relative stable in HNO 3 medium. Almost all technetium was lost when a technetium solution in 6 mol/l HCl medium was evaporated to dryness even at 100 °C. While more than 95% technetium was remained when technetium in a neutral, alkaline solution or HNO 3 solution up to 8 mol/l was evaporated to dryness. Technetium is quite stable in brown seaweed (e.g. fucus) during ashing even at 700 °C for 14 h. While significant amount of technetium was lost when it is present in soil and ashed at temperature more than 550 °C. It was observed that more than 60% of technetium in soil was lost when ashing at 700 °C for 6 h. It is therefore recommended that the soil sample should be ashed at less than 550 °C for overnight (12-15 h) to decompose organic substances before chemical separation. Technetium mainly exists in Tc 4+ and TcO 4 − forms, Tc 4+ is not stable in solution and easily formed TcO 2 to be associated with particles, while TcO 4 − is quite stable in both acidic and alkaline solutions, which is also the most often occurred species of technetium in oxidative media.
Two methods have been used in our laboratory for separation and preconcentration of technetium from large volume of water and leachate of solid samples, anion exchange chromatography and co-precipitation of TcO 2 with Fe(OH) 2 in reductive condition. The affinity of TcO 4 − to strong basic anion exchange resin (e.g. Dowex 1 or Bio-Rad AG1, and Eichrom TEVA) is very high compared to other anions in water. Seawater was directly loaded to an anion exchange column (the size of the column is depended on the volume of seawater, for 200 l of seawater, a column of 50 cm length and 2.5 cm in diameter was used), technetium was firmly adsorbed on the column. After rinsing with water, 1.0 mol/l of NaOH and 1.0 mol/l of HNO 3 , TcO 4 − adsorbed on the column was finally eluted with 10-14 mol/l HNO 3 . Further purification for removal of Ru (for 103 Ru, 106 Ru for radiometric measurement and 99 Ru for ICP-MS) was implemented by heating technetium solution after addition 1-2 ml of concentrated H 2 SO 4 and small amount of NaClO and K 2 S 2 O 8 . The separated technetium was electrodeposited on a stainless steel disc from a 2 mol/l NaOH solution. 99 Tc was then measured using a low background GM counter (Risø Multi-counter). The separated 99 Tc can be also measured by ICP-MS in a small volume of diluted HNO 3 solution (e.g. 2-5 ml of 0.5 mol/l HNO 3 ) [13, 14] .
A separation procedure based on the co-precipitation of TcO 2 with Fe(OH) 2 in reductive condition, combined with extraction chromatographic separation using TEVA column has been developed for determination of ultra-low level 99 Tc in seawater [15] . Seawater samples up to 200 l were first acidified with HCl to pH2, and FeCl 3 and 99m Tc tracer were added. K 2 S 2 O 5 was then added to reduce Tc to Tc 4+ and Fe 3+ to Fe 2+ . NaOH was added to adjust pH9-10, and the formed TcO 2 -Fe(OH) 2 coprecipitate was then separated by settling down for overnight followed by discarding the supernatant and filtrate the precipitate. The precipitate was then dissolved with HCl and treated with H 2 O 2 to convert technetium to TcO 4 − . After removal iron by Fe(OH) 3 precipitation with addition of NaOH to pH8-9, the TcO 4 − in the supernatant was further purified using 2 sequentially connected TEVA columns. The purpose of two TEVA columns was to improve the decontamination factors to Ru and Mo, which cause high interferences for the ICP-MS measurement through 99 Ru + isobar and 98 Mo 1 H + polyatomic ion. Figure 7 shows the analytical procedure for determination of ultralow level 99 Tc in large volume of seawater samples.
For solid samples, such as soil, sediment and seaweed, they were first ashed at 550 °C or 700 °C (for brown seaweed) to decompose all organic substance. Technetium was then leached from the ashed samples using HCl and H 2 O 2 . Technetium in the leachate was then separated by TcO 2 -Fe(OH) 2 co-precipitation after addition of K 2 S 2 O 5 to reduce technetium to Tc 4+ and adjusted to pH8-9 to form TcO 2 -Fe(OH) 2 precipitate. 99 Tc was then further purified using chromatography with TEVA resin and measured using ICP-MS. The short-lived 99m Tc obtained from 99 Mo/ 99m Tc generator was used as chemical yield tracer. Since minor amount of 99 Mo and 99 Tc is might present in the 99m Tc eluate from the 99 Mo/ 99m Tc generator, the generator needs to be pre-eluted 2-5 times to remove accumulated 99 Tc from the generator, and the freshly eluted 99m Tc was further purified by using a Al 2 O 3 cartridge filter [16] . 99m Tc in the final solution was measured using gamma spectrometry and chemical yield is calculated by comparing it to the amount of 99m Tc spiked to the sample before separation.
Separation of plutonium and neptunium for the determination of their isotopes
The concentrations of plutonium and neptunium isotopes are normally very low in environmental samples, separation of plutonium and neptunium from big-size sample is necessary to obtain reliable analytical results. Pre-concentration of plutonium and neptunium from large volume of water (up to 200 l) is often implemented by coprecipitation with Fe(OH) 2 , MnO 2 , or lanthanide fluoride. After removal of the suspended particles and acidification of the water to pH2 using HCl, carrier (e.g. Fe 2+ ) and chemical yield tracer (e.g. 242 Pu) were added, followed by addition of reductant (e.g. K 2 S 2 O 5 ) and stirring to reduce species of plutonium and neptunium to Pu 3+ and Np 4+ to ensure a better recovery. Ammonia was then added to adjust pH8-9 for co-precipitate Pu(OH) 3 and Np(OH) 4 with Fe(OH) 2 , which were separated by settling down for overnight, discarding the supernatant and centrifuge. The precipitate was dissolved with HCl, and co-precipitation was repeated by addition of ammonia to pH8-9 to remove excess of Ca and Mg. The precipitate was dissolved again using HCl, and then concentrated HNO 3 or NaNO 2 was added to convert plutonium to Pu 4+ and remain neptunium as Np 4+ for further separation and purification of Pu and Np [14, 17, 18] .
For solid samples, such as soil, sediment, aerosol, food, bones, the samples were first ashed to decompose the organic substances and convert organic associated plutonium and neptunium to inorganic species. Ashing at low temperature (e.g. 450 °C) was recommended to avoid a low recovery of Pu and Np due to the formation of their refractory species at high temperature [19] . Acid leaching (e.g. aquia regia) is an often used method to release Pu and Np from the ashed sample to solution, but it might be not suitable for the samples containing refractory species of Pu and Np such as the samples collected from highly contaminated sites of nuclear weapons tests and nuclear accident with hot particles. In this case, a full decomposition by acid dissolution in the presence of HF or fusion are needed. Lithium metaborate fusion was demonstrated a suitable method for decomposition of large size of samples (up to 20 g), the formed cake can be easily dissolved using aquia regia [20, 21] . Separation of Pu and Np in the sample solution is often implemented by coprecipitation of hydroxides or fluorides.
The chemical yield of plutonium is often monitored by spiking 242 Pu tracer before separation, which can be measured in the separated samples by either alpha epectrometry or mass spectrometry. However there is no suitable yield tracer for neptunium. A short-live isotopes of neptunium, 239 Np (2.35 days, beta emitter with gamma emission) has been used for yield monitoring by gamma spectrometry measurement. However, its short half-life makes its application not convenient. Because of similar chemical property of Np and Pu, yield tracer of plutonium was suggested also for neptunium [22, 23] and simultaneous separation of both plutonium and neptunium for determination of their isotopes [24, 25] .
Solvent extraction, ion exchange and extraction chromatography are the major techniques for the separation of plutonium and neptunium from interferences, among them ion exchange and extraction chromatography are becoming the most popular technique for their separation in the recent years, which is mainly based on the formation of anion complexes of Pu and Np with NO 3 − and Cl − and further formation of complexes with the organic function group on the extraction chromatographic resin (e.g. TRU, DGA). The preconcentrated Pu and Np in HCl solution were first converted to Pu 4+ and Np 4+ using NaNO 2 or concentrated HNO 3 , and prepared in 8 mol/l HNO 3 for separation using anion exchange chromatography or in 3 mol/l HNO 3 using TEVA resin for extraction chromatographic separation. The column was rinsed using HNO 3 and HCl solution to remove matrix elements and interferences such as uranium. Pu and Np on the column were finally eluted using diluted HCl or diluted HCl-NH 2 OH·HCl solution. AGMP-1 (Bio-Rad company) was confirmed to be the best anion exchange resin for simultaneous separation of plutonium and neptunium because of their same behaviors in chromatographic separation [24] . TEVA resin was also confirmed to be suitable for the separation of both plutonium and neptunium [25] . Figure 8 shows an analytical procedure used in our laboratory for determination of plutonium isotopes and 237 Np in the environmental samples. For the measurement of 239 Pu and 237 Np using ICP-MS, the major interference is 238 U through tailing to m/z = 237 and 239, and forming 238 U 1 H + polyatomic ions. The decontamination factor of uranium is a critical feature of the separation procedure, it was noticed that TEVA resin showed a better decontamination factor compared to anion exchange resin. This might be attributed to the relative high uranium content in the anion exchange resin than that in TEVA resin and a larger size anion exchange resin was used compared to TEVA resin (5-10 times larger). A decontamination factor up to 10 7 was reported by using a sequential extraction chromatographic separation using TEVA-UTEVA and DGA resins in the analysis of soil and sediment samples for plutonium isotopes [26] .
Determination of iodine-129 and its chemical species in environmental samples
Iodine is a volatile and redox sensitive element, anthropogenic 129 I is a very useful oceanographic and environmental process tracer, determination of the concentration and chemical species of 129 I and stable iodine are needed for this purpose [6] . In the past years, we have developed a series of methods for determination ultra-trace amount of 129 I in various environmental samples, meanwhile some methods for speciation analysis of 129 I in water, air, aerosol, sediment and soil were also developed.
Because of the long half-life (1.57 × 10 7 years), beta decay, low intensive and energy of gamma ray and the ultra-low concentration of 129 I in environmental samples (< 10 −12 g/g), separation of iodine from large sample is needed before its measurement, even using high sensitive accelerator mass spectrometry (AMS). Based on the volatile feature of iodine, an oxidative combustion method has been developed for separation of iodine from various solid samples such as soil, sediment, vegetation and aerosol [27, 28] . By employing a modified 4-tubes Pyrolyse system (RAD-DEC International), four samples can be treated in the same time. In this method, 125 I chemical yield tracer was first mixed with sample in a quartz boat, up to 20 sample (soil/ sediment) can be analyzed. The sample boat was inserted to a quartz tube in a three zones furnace, the temperature and heating sequence were programmed and precisely controlled. When the temperature of the furnace was increased up to 800 °C, all iodine was released as gaseous iodine, and trapped in a bubbler filled with diluted NaOH solution. The chemical yield in this process was more than 95% depending on sample type. The most critical step is the burning/ carbonization in the analysis of samples of large amount of organic matter, such as vegetation, wood, aerosol/filter and high organic sediment. The rapidly increased temperature might cause quick burning of large amount of organic substance and create large amount of CO 2 and other gasses in a short time. As a consequence, un-decomposed materials (carbon particles) will be transported to the bubbler by the flowing gasses (N 2 + O 2 ), even a splashing of the trap solution in the bubbler and small explosion of the quartz tube may occur. Slowly increased temperature in the carbonization step of the sample combustion was found to be an effective approach for solving this problem. A 2 °C/min temperature increasing rate in 250-400 °C for soil/sediment samples, and 1 °C/min rate in 230-300 °C for vegetation/ wood samples were confirmed to be suitable [27, 28] .
Alkaline fusion was also used for the separation of iodine from solid sample. This is based on the relative high stability of iodine in alkaline media [29] . Besides soil, sediment and vegetation sample, tissue and aerosol samples were also treated by this method [30] . In this method, sample was mixed with NaOH and ashed at 600-650 °C, iodine in the fused sample was leached with water for further separation, the recovery of iodine in this method was normally 70-85% depending on the sample type. Due to the uncompleted ash/decomposition of vegetation/aerosol including filter, iodine could not be completely leached out from the treated samples, caused a non-quantitative recovery of iodine. For soil and sediment samples, the fused silicate was soluble in water, but became silica gel when the solution was acidified, some iodine might be wrapped in the gel, caused a low recovery. Therefore, the oxidative combustion was confirmed to be a more effective method for releasing iodine from solid sample matrix.
Solvent extraction using CCl 4 or CHCl 3 is the most often used method for separation of iodine from water samples (including the trap solution and water leachate of the fused sample). The most critical step in this procedure is to adjust all iodine species to I 2 to be extracted to organic phase. For inorganic iodine, iodate can be reduced to I 2 by NH 2 OH HCl in acidic media, and iodide can be oxidized to I 2 using NaNO 2 in acidic solution. For simplifying the separation process, all inorganic iodine was first reduced to iodide using sulfite in acidic media, and then oxidized to I 2 using NaNO 2 in acidic media for extraction. The most critical parameter is pH of the media, reduction of iodate and oxidation of iodide need to be implemented at pH < 2, the higher pH might cause slow reaction rate and low recovery of iodine. H 2 O 2 has also been used to oxidize iodide to I 2 , but repeated extractions were used to get better recovery, this might be attributed to the low reaction rate of H 2 O 2 with iodide.
The major disadvantage of the solvent extraction method is the production of toxic organic waste, a direct precipitation method was developed to separate iodine from water/ aqueous samples. In this case, all inorganic iodine was converted to iodide, and excessive amount of AgNO 3 was added to form AgI precipitate, which was separated from sample matrix by centrifuging. Since chloride, bromide, sulfide, sulfite can also form precipitates with Ag + , a large amount of precipitate might be formed. Acidification of sample to pH < 2 before addition of Ag + and washing the precipitate with HNO 3 and ammonia could remove these precipitates and remained only AgI. The separated AgI could be directly used for AMS measurement of 129 I [31] . Figure 9 shows a schematic diagram of analytical procedure for determination of 129 I in environmental samples.
Iodine is also present in organic form in water samples [6] , direct solvent extraction and AgI precipitation only separate inorganic iodine (mainly iodide and iodate). For determination of total 129 I or organic associated 129 I, an oxidative decomposition method was developed using strong oxidant K 2 S 2 O 8 at an increased temperature. It was found that organic iodine in water samples can be converted to inorganic forms by addition of K 2 S 2 O 8 to a concentration of 30 mg/g, adjusting pH 0.5-1 and digesting at about 60 °C for 20 h [32] . Afterwards all iodine is separated using the method presented above for determination of total 129 I.
For easy separation of iodine for 129 I determination, stable carrier containing very low level 129 I (e.g. iodine from Woodward company with original 129 I/ 127 I ratio of 2 × 10 −14 ) is often added. To avoid the contribution of stable iodine carrier in the determination of ultra-low level 129 I (natural occurred), a carrier free method was developed for the separation of iodine from samples and preparation of measurement target [31] . In this method, iodine released from the sample and trapped into a solution was directly precipitated as AgI-AgCl-Ag 2 SO 3 co-precipitate after reduction of all iodine to iodide and addition of excessive amount of Ag + . Addition of sulfite was important in the separation of carrier free iodide by coprecipitation because of the similar particle size of AgI and Ag 2 SO 3 precipitate [33]. Ag 2 SO 3 can be removed by washing the co-precipitate with HNO 3 , and the excessive amount of AgCl was removed by washing with diluted concentrations of ammonia, and only AgI and small amount of AgCl (in total 2-4 mg) were remained for preparation of AgI target for measurement of 129 I by AMS.
In seawater, iodine is present as iodide, iodate and minor amount of organic iodine depending on the marine environment. While in fresh water samples, organic iodine might accounts for a relative large fraction. In the atmosphere, iodine is present as both gaseous forms and particle associate forms. The specific species of gaseous iodine in the atmosphere are very complicated [34] , but can be classified as gaseous inorganic iodine (mainly I 2 , HI, HIO, etc.) and gaseous organic iodine (mainly alkyl iodide). In aerosol, soil and sediment, iodine is mainly associated to different components of the sample, therefore often separated into different fractions such as water soluble, exchangeable, carbonate, oxides, organic and mineral associated forms. While, in biological samples including vegetation and animal tissues, iodine is mainly bound to different organic compounds [6] .
We have developed a series of methods for speciation analysis of 129 I in different environmental samples. Separation method based on anion exchange chromatography [35] , co-precipitation [33], and solvent extraction were developed for separation of iodide and iodate for the speciation analysis of iodine in water samples. The anion exchange chromatographic procedure is based on the high affinity of iodide compared with iodate on strong base anion exchange resin (e.g. Dowex 1 or AG1). Water samples were directly loaded to an anion exchange column filled with Bio-Rad AG1-x4 resin in NO 3 − form. Iodide was adsorbed on the column, while iodate and organic iodine passed through. Small fraction of iodate remained on the column was removed by rinsing with diluted (0.5 mol/l) KNO 3 , iodide on the column was finally eluted with 2 mol/l KNO 3 . For separation of iodate, the effluent and rinsing solution were combined, acidified to pH < 2 using HCl. Iodate in the sample was reduced to iodide by addition of KHSO 3 solution and separated using the same procedure as for iodide ( Fig. 10 ). The eluted iodine from the column was further separated from matrix using solvent extraction and prepared as AgI for AMS measurement [35] . A simple co-precipitation method was developed to separate iodide and iodate from seawater for speciation analysis of 129 I, which is more suitable for application on board of a ship. This method is based on the selective coprecipitation of AgI with Ag 2 SO 3 and AgCl at pH4-6, the Ag 2 S 2 O 3 and excessive amount of AgI could be removed by washing with HNO 3 and ammonium. Addition of KHSO 3 and controlling pH4-6 are critical for selective precipitation of iodide, lower pH will cause the reduction of iodate and therefore split over iodate to iodide fraction [33] . This method has been successfully applied for speciation analysis of 129 I in seawater samples [36, 37] , but not suitable for fresh water samples, because of less chloride in the fresh water. A selective solvent extraction method was therefore developed for separation of iodide and iodate from water samples. This method is based on the oxidation of iodide to I 2 by low concentration of NaClO (1%) at pH4-7, followed by solvent extraction of the formed I 2 into organic phase (CHCl 3 or CCl 4 ). It is well known that NaClO is a strong oxidant, which can oxidize iodide directly to iodate. However, our experiment showed that NaClO of low concentration can only oxidize iodide to I 2 if the pH of solution is higher than 4. The key parameters in this method are the concentration of NaClO and the pH value of the sample solution. The total inorganic iodine (iodide plus iodate) can be obtained by first reducing iodate to iodide at pH < 2, and then oxidizing iodide to I 2 by NaNO 2 , and extract I 2 to the organic phase. In this method, stable carrier needs to be added before solvent extraction, because the recovery of solvent extraction is related to the concentration of iodide and the other salt. The very low concentration of iodine in fresh water and high salt content in seawater cause a low recovery of iodine in the extraction step if no stable iodine carrier is added.
A three-fraction air iodine collector was developed for separation of particle associate, inorganic gaseous iodine and organic gaseous iodine from air, the collector was connected to an air pump [6] . In this collector, particle associate iodine (aerosol) was first collected on a glass fiber filter of 0.45 µm pore size, followed by two layer cellulous filter impregnated with NaOH for collecting inorganic gaseous iodine (HI, I 2 , HOI, etc.), and the organic gaseous iodine (alkyl iodide) was finally collected by an active carbon cartridge, in which the active charcoal was purified by washing with NaClO and NaOH, and impregnated with triethylenediamine. Iodine collected in the filter or cartridge was then separated by combustion using tube furnace, and prepared as AgI for determination of 129 I.
For speciation analysis of 129 I in aerosol, a sequential extraction followed by anion exchange chromatographic method was developed in our laboratory. Iodide, iodate, water soluble iodine organic and mineral associated iodine were sequentially separated, each fraction of iodine was then purified and finally prepared as AgI for measurement of 129 I using AMS [30] . In this method, aerosol samples cut into small pieces was first leached with deionized water, and the leachate was divided into two parts, one was used for determination of total water soluble 129 I by digestion with K 2 S 2 O 8 in acidic condition and heating followed by solvent extraction. Iodide and iodate in another part of water leachate were separated using anion exchange chromatographic method as described above for water samples, and used to determine 129 I in iodide and iodate form. The residue filter after water leaching was leached with 0.5 mol/l NaOH at 45 °C. The leachate was treated using the same method as that for determination of the total 129 I, i.e. digestion with K 2 S 2 O 8 followed by solvent extraction, this fraction of 129 I was considered as organic associated 129 I. Iodine still remained in the remained residue was separated by oxidative combustion using tube furnace, followed by purification by solvent extraction or direct AgI precipitation for determination of 129 I in the mineral fraction of aerosol. The analysis of aerosol collected in Denmark showed that most 129 I is present as organic associate iodine, and the water soluble 129 I is mainly present as iodide [30] .
Speciation analysis of 129 I in soil and sediment was performed using sequential extraction (Fig. 11) . In consideration of the volatile feature of iodine, the ordinary sequential fractionation method was modified to avoid the loss of the iodine during the separation [38] [39] [40] .
In this procedure ( Fig. 11 ), the ground sample was leached with 1.0 mol/l NH 4 OAc-NH 3 (pH8) at room temperature to obtain water soluble and exchangeable iodine, the residue was then leached with 1.0 mol/L NH 4 OAc (ammonium acetate) in 25% HOAc (acetic acid) (v/v) (pH of 5) for 4 h at room temperature to obtain carbonate associate iodine. The residue was further leached with 0.3 mol/l NaOH at 80 °C for 8 h to obtain organic substance associated iodine. The residue was then leached with 0.04 mol/l (NH 2 OH) 2 ·H 2 SO 4 in 25% (v/v) HOAc at 80 °C for 8 h, and 0.1 ml 1 mol/l NaHSO 3 was added every hour to prevent the loss of iodine by reducing the leached iodine to iodide form. The remained residue was dried and transferred to a quartz boat for separation of iodine by combustion using a Pyrolyser furnace to obtain the mineral associated iodine. The analysis of soil and sediment showed that most of 129 I was associated with organic substances and metal oxides [38] [39] [40] [41] .
Measurement of ultra-low level radionuclides using mass spectrometry
Depending on the decay model, radionuclides are conventionally measured by radiometric methods through their radioactive decay [42] . Gamma spectrometry using HPGe detector is the often used technique for measurement of gamma emitting radionuclides in environmental samples because of its high resolution and single energy feature of gamma rays. By employing anti-Compton electronic setup to suppress the spectrum background, installing spectrometry instrument in underground laboratory of few hundreds to a few thousands meters depth to shield the cosmic rays causing background radiation, lining the wall of the laboratory with pure copper and instrument with high purity shielding materials to reduce the background radiation from the surrounding environment, and using big germanium crystal detector to increase the detection efficiency, the gamma spectrometry can be used for measurement of ultra-low level gamma radionuclides in the environment. The major advantage of this technique is its direct measurement without chemical separation. Liquid scintillation counting (LSC) is the most often used techniques for measurement of pure beta emitting radionuclides (including those decay by internal conversion) [43] , and low background GM counter especially those equipped with anti-coincidence device is also an often used technique for measurement of radionuclides emitting high energy beta particles at low level in the environment. Alpha spectrometry is still the dominant technique for measurement of the alpha emitting radionuclides, especially the relative short lived alpha radionuclides (e.g. 210 Po, 238 Pu, 241 Am, 242 Cm, 243,244 Cm). Before the measurement, beta and alpha emitting radionuclides, the target radionuclides have to be separated from the sample matrix and interfering radionuclides. Inorganic mass spectrometry as an instrument for isotope measurement is becoming an attractive measurement technique of radionuclides. Compared with radiometric measurement techniques, mass spectrometry is used to measure the number of atoms of the target isotope. Based on the decay equation: A = N * Ln(2)/t½ (A is the activity of radionuclide; N is the numbers of atoms and t½ is the halflife of radionuclide), the mass spectrometry is suitable for the measurement of long-lived radionuclides. Assuming a detection limit of 2 mBq for radiometric techniques and 10 6 atoms for mass spectrometry, the mass spectrometry technique will become more sensitive than radiometric method if the half-life of radionuclide is longer than 10 years. However, the detection limit of a measurement technique depends on many parameters, including the interferences, specific instrument setup and property of the specific radionuclide. A selection of measurement technique has to consider all these factors.
Many mass spectrometry techniques can be used to measure radionuclides, such as inductively coupled plasma mass spectrometry (ICP-MS), accelerator mass spectrometry (AMS), thermal ionization mass spectrometry (TIMS), resonance ionization mass spectrometry (RIMS), secondary ion mass spectrometry (SIMS) and glow discharge mass spectrometry (GDMS) [42] . Among these mass spectrometry techniques, ICP-MS and AMS are the most attractive and popular mass spectrometry techniques for measurement of long-lived radionuclides because of the rapid development/ improvement of these two mass spectrometry techniques in the past years. The major challenges in the measurement of radionuclides by mass spectrometry techniques are sensitivity (including ionization, transmission and detection efficiency), spectral interferences (mainly from isobars, molecular/polyatomic ions and matrix), and instrumental limitations (e.g. abundance sensitivity, sample introduction, and possibility of ionization). The most efforts on the development of instrument and measurement methods are dedicated to solve these problems to get accurate and sensitive measurement of the target radionuclides. In the past years, we have developed a number of measurement methods for the determination of 99 Tc, 135 Cs, isotopes of plutonium and uranium and 237 Np using ICP-MS, and 129 I using AMS. Some of these methods are briefly presented below.
Measurement of isotopes of plutonium using ICP-MS
The major isotopes of plutonium in the environment are 238 Pu, 239 Pu, 240 Pu and 241 Pu. It is almost impossible to measure 238 Pu using mass spectrometry (except RIMS) because of isobaric interference of 238 U, the difference of the atomic mass of 238 U and 238 Pu of 5.2 × 10 −6 (Δm/m) is too small to be discriminated by mass spectrometry, even for high resolution instrument. Measurement of plutonium isotopes using mass spectrometry is therefore mainly dedicate to the measurement of 239 Pu, 240 Pu and 241 Pu. The major challenges on the ICP-MS measurement of these isotopes of plutonium are abundance sensitivity of the instrument and the interferences of molecular ions (e.g. 238 40 Ar + , etc.). Uranium is an abundant element on the earth, the concentration of uranium in the environment is normally more than 6 orders of magnitude higher than that of plutonium, causing 238 U the major interferences in the ICP-MS measurement of 239 Pu and 240 Pu. To eliminate the interference of uranium hydrides ( 238 U 1 H + , 238 U 1 H 2 + ), different dynamic reaction gases were investigated in our lab. It was found that simple collision reaction using He cannot effectively destroy hydrides of uranium, therefore could not remove its interference. By introducing O 2 as reaction gas, UH + and U + were converted to oxides (UO + , UHO + , UO 2 + or UHO 2 + ), meanwhile Pu was also converted to oxides (PuO + , PuO 2 + ), the interference of uranium hydrides could not be effectively eliminated in the measurement of 239 Pu and 240 Pu. Injection of ammonium into the reaction cell could significantly suppress the signal of UH + by 2 orders of magnitude, while the intensities of Pu + keep constant. Meanwhile, the intensity of U + signal was reduced 3-4 orders of magnitude (Fig. 12 ).
This indicated that ammonium as reaction gas could effectively eliminate the interference of hydrides of uranium to the measurement of 239 Pu and 240 Pu. This was attributed that U + and UH + reacted with NH 3 and formed UNH 2 + , but Pu + does not react with NH 3 [44] . This method could reduce the contribution of 238 U to the 239 Pu to 1 × 10 −7 . CO 2 as reaction gas was also investigated, it was found that CO 2 can effectively react with UH + to form UO + ions, while Pu partly react with CO 2 to form PuO + . At optimal condition, this method can reduce the contribution of 238 U to 239 Pu to 1 × 10 −8 , one order of magnitude better than NH 3 . It was also observed that injection of He with NH 3 or CO 2 into reaction/ collision cell could significantly improve the measurement sensitivity of plutonium isotopes by a factor of 3. This was attributed to the collision focusing of He through reducing and narrowing the energy distribution of Pu + ion during transmission to the detector from the quadrupole.
By employing two quadrupole mass separators in the Agilent 8800 ICP-MS, the abundance sensitivity (tailing) of the 238 U was significantly improved. It was observed that the contribution of 238 U to m/z = 237 was significantly reduced to < 10 −9 when two quadrupole mass separators were applied, which is 4 orders of magnitude better compared with the conventional signal quadrupole mass separator instrument. Introducing collision/reaction gases can further improve the abundance sensitivity. The contribution of 238 U to m/z = 237 was reduced to < 2 × 10 −11 when CO 2 -He gasses were injected into the reaction/collision cell. Besides the double separation by two quadrupoles, removal of 238 U + ions by converting U + to UO 2 + or UO 2 + ions in the reaction cell also reduced its contribution to m/z = 237 and 239. In addition, collision focusing of 238 U + by helium atoms in the DRC also helps to reduce the tailing contribution to m/z = 237 and 239. A schematic mechanism of the Fig. 13 .
Accelerator mass spectrometry for measurement of 129 I
AMS can well overcome the isobaric and spectral interferences occurred in ICP-MS measurement of radionuclides, therefore achieve very low background and ultra-low detection limit, it is the most powerful method for the measurement of many long-lived radionuclides such as 14 C, 10 Be, 26 Al, 36 Cl, 41 Ca, 79 Se, 129 I, 236 U, 239 Pu, 240 Pu, etc. Figure 14 illustrates the major features of AMS in the measurement of radionuclides (e.g. 129 I).
In the AMS, negative ions are selected to be injected to the system, most of isobaric interferences can be excluded in this step, because many elements cannot form negative ions in the ion source. The most serious isobaric interference for the measurement of 129 I can be completely eliminated in AMS because 129 Xe cannot form negative ions. The first mass analyzer at low energy part selects the target m/z (e.g. 129 for 129 I − , and 127 for 127 I − ) to be injected to the system. For the measurement of 129 I, both 127 I − and 129 I − are sequentially injected to the accelerator through the first mass analyzer, meanwhile other ions are excluded. All ions entered into the accelerator are accelerated through an electric field, and out layer electrons of the ion are then stripped through a film or gas filled in the middle of the accelerator. The formed positive ions are further accelerated in the second part of the accelerator. By this way, all molecular ions (e.g. 127 I 1 H 2 for 129 I measurement) are destroyed and eliminated. Afterwards, the target ions (e.g. 129 I 3+ or 127 I 3+ ) are selected and entered to the second mass analyzer (high energy part) to further eliminate other interference. By these ways, almost all interferences can be eliminated and a very low background can be achieved. The major isotope ions (e.g. 127 I 3+ ) are measured by a Faraday cup, and the minor isotope ions (e.g. 129 I 3+ ) are measured by a more sensitive detector, e.g. ionization chamber. An electrostatic analyzer is normally installed before the detector to further eliminate some interference, e.g. 10 B in the measurement of 10 Be, which cannot be sufficiently removed in the previous steps.
We have developed a numbers of AMS measurement methods for 129 I using a 3 MV AMS system in the Xi'an AMS center. An instrumental background of 2 × 10 −14 for 129 I/ 127 I atomic ratio was obtained by direct measurement of a target prepared by directly pressed NaI and niobium powder into a copper holder. The procedure blanks were measured to be lower than 1 × 10 −13 for 129 I/ 127 I ratio in AgI targets containing 0.2-1.0 mg iodine carrier, which is corresponding to a detection limit of 3 × 10 6 atoms (3 times of blank count rate).
For the measurement of 129 I in surface environmental samples (with 129 I/ 127 I ratio > 10 −9 ), 0.5-2.0 mg of stable iodine carrier prepared from a low-background iodine crystal (Woodward Company) was spiked to the sample after separation using combustion, or directly to the water samples. The separated iodine in iodide form was precipitated as AgI by addition of AgNO 3 . After dried at 70-75 °C in a 1.5 ml centrifuge tube, the AgI precipitate was ground to fine powder and mixed with niobium powder of 3-5 times by mass, which was then pressed in a copper holder for AMS measurement of 129 I. In general, 10 mg of mixture can be pressed into target holder, i.e. maximum 2 mg of AgI can be pressed into the holder. In practice, only small fraction of sample in the target holder was used for measurement due to a relative short analytical time (< 20 min). Therefore, for the analysis of low-level samples, it is better to reduce the final mass of samples, to enable more samples were used for measurement. In this case, 0.2 mg iodine carrier was used and the final mass of the precipitate of 0.5-1.0 mg was mixed with 2-3 mg of niobium to be fully pressed into the target holder and used for measurement of 129 I.
An AMS method using carrier free iodine target was developed for the determination of 129 I in ultra-low level samples. In this method, no stable iodine was spiked to the sample to avoid the 129 I background resulted from iodine carrier. Because the concentration of iodine in environmental samples (except seaweed, thyroid, brine, etc.) is normally very low, only small amount of iodine (< 0.05 mg) can be separated from the sample, e.g. 20 g soil), which is not sufficient to prepare AgI precipitate, therefore an AgI-AgCl co-precipitation method was developed to prepare the target. The final AgI-AgCl precipitate of 0.5-1 mg was prepared, ground, mixed with 2-5 mg of niobium powder, and pressed into a niobium holder for measurement of 129 I using AMS. The main challenge in this method is stabilization, control and precise measurement of the beam current of iodine ions, because of very low current of < 100 nA. With this method, samples with 129 I/ 127 I atomic ratio of 2.0 × 10 −13 can be measured when 0.05 mg iodine is separated and used for measurement. This method is therefore useful for analysis of ultra-low level 129 I samples, e.g. deep soil, seawater, or pre-nuclear samples. For a sample with 129 I/ 127 I ratio of 1 × 10 −10 , this method only needs 3 µg iodine for measurement, i.e. a small size sample is needed, which is very useful for the application in which only small sample is available [31] .
In the AMS measurement of 129 I, the AgI or AgI-AgCl precipitate is often pressed into a copper (or titanium, stainless steel) holder. The aluminum target holder often used for measurement of 14 C is not suitable for this type of target. A violent reaction (bubbles) was observed shortly (< 10 min) after AgI-AgCl was pressed into an aluminum holder and exposed to air. A similar but weaker reaction was observed for AgI precipitate when it was pressed into an aluminum holder, and liquid bubbles on the surface of the sample were observed. No visible reaction was observed when they were pressed in holders made of copper for both AgI and AgI-AgCl precipitate, even after exposure to air for more than 7 days. This might be attributed to a solid phase reaction: 3AgI + Al = 3Ag + AlI 3 and 3AgCl + Al = 3Ag + AlCl 3 , these reactions take place when water vapor and water soluble iodide/chloride are present [45] .
In the AMS measurement, the target radionuclide is always separated from the sample matrix and purified from other impurity before measurement. This procedure is normally time consuming and not suitable for rapid analysis. We have developed a direct AMS measurement method without chemical separation. The sample was only ground to powder and directly pressed into target holder after mixed with niobium powder. The prepared target was measured for 129 I in the 3MV AMS. The analytical results indicate that this method is valid for the measurement of 129 I in environmental solid samples (e.g. vegetation, soil, aerosol/dust) in a level of 0.1 µBq/mg 129 I with an analytical uncertainty of less than 20%. For normal environmental sample with low concentration of iodine (< 5 µg/g), stable iodine carrier pre-mixed with niobium was used, which can significantly improve the stability of the measurement and accuracy of the analytical result [46] . This method is very useful for emergency analysis, the analytical time is only less than 5 min per sample. In consideration of sample preparation, a batch of 40 samples can be analyzed in 5 h.
Determination of difficult-to-measure radionuclides for decommissioning of nuclear facilities and emergency preparedness
Since 2002, our laboratory at DTU Nutech has developed serious analytical methods for the determination of radionuclides of difficult to measure (mainly long-lived beta and alpha emitters and some low-level gamma emitters), including 3 H, 14 C, 36 Cl, 41 Ca, 55 Fe, 63 Ni, 90 Sr, 93 Mo, 99 Tc, 129 I, 237 Np, 238 U, 239 Pu, 240 Pu, 241 Pu, 241 Am and 244 Cm. Various types of materials have been analyzed for decommissioning of nuclear facilities, including concrete, graphite, metals, stainless steel, exchange resin, liquid waste concentrate, ordinary water, heavy water, silicate gels, paint, oil, soil/ sand, sediment/slurry, etc. The analytical results have been used to characterize these materials and treatment of the produced wastes for the decommissioning of research and power reactors and other nuclear facilities in Denmark, Sweden.
The main challenges in the radiological characterization of decommissioning waste includes instability of some radionuclides (e.g. 3 H, 14 C, 36 Cl, 99 Tc, 129 I, etc.) during sampling, storage and chemical separation,complicated and unknown components of sample matrix, difficulties in decomposition and pre-treatment of some samples, high radiation exposure for some samples. Figure 15 shows an overall sequential separation procedure for determination of various radionuclides in different samples. Brief description of analytical methods for individual radionuclide are also presented below.
Determination of 3 H and 14 C
Tritium and 14 C are major radionuclides in both contaminated or neutron activated samples due to their high concentration. For water samples, tritium normally present as tritated water (HTO), a simple distillation and direct measurement of tritium in the distilled water using LSC is sufficient. However, for some water, tritium is present both as water and organic tritium. The organic associated tritium can be separated by active charcoal adsorption first, and then tritium is determined in water form. Organic tritium adsorbed on active charcoal can be determined using the same method as for solid samples (see below). 14 C might also present as inorganic (mainly carbonate) and organic associated form [47] . The organic 14 C can be also adsorbed on active charcoal and analyzed as for solid samples (see below). While inorganic 14 C in the sample can be separated by digestion of sample in a closed system ( Fig. 16 ), in which gasses released from the samples are adsorbed in a bubbler filled with alkaline solution (e.g. CarboSorb). Acid (e.g. H 2 SO 4 ) is added to the sample, and N 2 flows to the sample solution, all inorganic carbon is converted to CO 2 and released from sample, which is trapped in bubbler filled with CarboSorb, and 14 C in the separated samples was measured by LSC after mixed with scintillation cocktail [48, 49] . A simple method was also applied to measure total 14 C in water samples. In this method, water sample was first neutralized to pH7-8, small amount of Na 2 CO 3 (0.1 mmol) was spiked to the sample as carrier. The sample was then evaporated to small volume (> 0.5 ml), and then transferred to a cellulose pad filled with cellulose powder and analyzed as solid sample (see below).
A combustion method using Sample Oxidizer has been developed for determination of 3 H and 14 C in solid samples [49] . Solid samples in powder such as graphite, concrete, active charcoal, soil, sediment, metal pieces (< 2 mm), resin, etc. were mixed with cellulose powder in a cellulose pad of about 2.5 ml, which was put into a Sample Oxidizer. In the Sample Oxidizer, the sample was combusted at 1200 °C with oxygen flow. All tritium in the samples was converted to H 2 O vapor during combustion with oxygen, which was flushed with nitrogen gas through a closed system, and condensed in an air condenser, and the condensed tritiated water was collected in a LSC vial after the combustion. The scintillation cocktail stored in a reservoir was used to flush the tubes and combined to the vials with tritiated water. All 14 C in the samples including carbon, carbonate and organic carbon were converted to CO 2 , and flowed through the system with the input N 2 /O 2 gasses, and finally absorbed in CarboSorb (an amine solution) filled into a column. The absorbed 14 C in the CarboSorb solution was collected in a LSC vial after the combustion, and the column was washed with a scintillation cocktail which was stored in a reservoir to remove any remaining CarboSorb in the tubes, and the CarboSorb, and scintillation cocktail are then directly collected in the vial and mixed. The separated tritium and 14 C in the vials were directly measured using LSC. The whole procedure of combustion takes about 2 min. No any suitable radioisotopes for tritium and 14 C can be used in this procedure for monitoring the chemical yield of tritium and 14 C in the whole procedure. Standard addition methods were used by analysis the same samples with or without spike tritium (both organic tritium and tritated water) or 14 C (both organic and inorganic 14 C), the results indicate a quantitative recovery of both tritium and 14 C in this method [50] .
Determination of 36 Cl and 129 I
Both iodine and chlorine are volatile elements, and instable during sample treatment and analysis. For water sample, solvent extraction was directly used for the separation of iodine from matrix; the aqueous phase from the extraction was used for separation of 36 Cl by AgCl precipitate. While for solid sample, a special attention has to be given to avoid loss of 129 I and 36 Cl during analysis. An acid digestion method in a closed system was developed to decompose graphite, iron, aluminum, stainless steel and ion exchange resin for the determination of 129 I and 36 Cl (Fig. 16 ). In this method, the sample was first put into the flask, yield carriers (stable Cl and I) were added. All apparatus in the system were connected and leakage was checked. Acid or mixed acids were added through the funnel (No. 5) to avoid the loss of the produced gasses. Afterwards, the sample with acid was heated to dissolve the sample and release iodine and chlorine to the solution. Different acid or acid mixture were used depending on the sample types. It was found that mixed acids of H 2 SO 4 :HNO 3 :HClO 4 = 15:4:1 were effective for completely dissolve graphite, 5-8 mol/l of H 2 SO 4 was effective for completely dissolve stainless steel and iron without addition of any chlorine, while HNO 3 is sufficient for dissolution of aluminum, lead, copper. For soil and sediment, HNO 3 can be used to leach iodine and chlorine out [51] . Alkaline fusion was also used to release iodine and chlorine from soil, sediment and vegetation samples [29] . For releasing iodine from ion exchange resin, NaOH and NaClO leaching was a simple and sufficient method. In this case, the closed digestion system was not necessary, because iodine was stable in alkaline solution in the present of NaClO.
After the acid digestion of the sample, the iodine was released from the sample solution and remained in the trapping solution and on the condenser walls. The trap solution and washes of the tubes and condenser are combined as iodine trap solution. Solid samples (soil, sediment and vegetation) decomposed by an alkali fusion method were leached with water, and filtered through a filter paper. 129 I in the filtrate/trap solution and water samples was then separated by solvent extraction.
Chlorine released from the sample during the acid dissolution/digestion remained in the sample solution, and small fraction on the condenser walls and diluted acid/water trap solution. These solution and washes of the tubes and condenser were combined, 36 Cl was then separated by precipitation and ion exchange methods after the separation of iodine using solvent extraction. To the aqueous phase from Fig. 16 Schematic diagram of acid digestion system for decomposition of graphite, metals, concrete, soil and sediment samples. 1-Heating mantle; 2-three-neck-flask; 3-sample and digestion acids; 4-bubbling tube; 5-separation funnel for adding acids; 6,7-reflux cooler; 8-condenser receiver; 9-washing bottle with diluted acid; 10, 11-absorption bottle with NaOH the solvent extraction of iodine, some more NaNO 2 solution was added to convert all chlorine to chloride. AgNO 3 was then added to precipitate chloride as AgCl, which was then separated by centrifuging. The AgCl precipitate was dissolved with NH 4 OH and then Cl − was re-precipitated as AgCl by addition of HNO 3 to pH1-2. The formed AgCl was dissolved in 5 ml NH 4 OH and loaded to an anion exchange column which has been conditioned with NH 4 OH solution.
After washing with NH 4 OH to remove all Ag + , Cl − adsorbed on the column was finally eluted with NH 4 NO 3 -NH 4 OH solution. The eluate was evaporated to dryness and the residue was dissolved with 2-3 ml water and transferred to a vial for LSC measurement of 36 Cl [51] . Figure 17 shows a combined analytical procedure for determination of 129 I and 36 Cl in decommissioning samples.
Determination of 99 Tc
In oxidative condition, 99 Tc is mainly present as TcO 4 − , therefore can be separated from matrix by anion exchange chromatography. Based on the high affinity of TcO 4 − on anion exchange resin, 99 Tc was separated from most of interfering radionuclides. 99 Tc in water or leachate of sample was first oxidized to TcO 4 − using H 2 O 2 , then the solution was neutralized to pH8-9 to separate the transit metals and actinides by hydroxides precipitation. The supernatant was loaded to an anion exchange column (e.g. AG1 × 4, Cl − form) after acidified to pH4-5. The column was washed with 1.0 mol/l NaOH, H 2 O and 0.5-1.0 mol/l HNO 3 , 99 Tc on the column was finally eluted using 10 mol/l HNO 3 . The eluate was evaporated to 0.5-1.0 ml on a hotplate, and then diluted with 20 ml H 2 O. The prepared solution was loaded to a 2 ml TEVA extraction chromatographic column, the column is washed with 2 mol/l HNO 3 , 99 Tc on the column was finally eluted with 10 mol/l HNO 3 . The eluate was evaporated to 0.5-1.0 ml and diluted to 5 ml with H 2 O. Chemical yield was measured by gamma counting of 99m Tc spiked to the sample before separation, and 99 Tc in the separated sample solution was finally measured using ICP-MS [12, 15] . LSC can be also used for measurement of 99 Tc. In this case, the eluate can be evaporated to near dryness at < 100 °C, and transferred to 20 ml vial with 2-3 ml water. After addition of scintillation cocktail, 99 Tc can be measured using LSC. However, the detection limit of ICP-MS for 99 Tc is generally better than LSC by more than one order of magnitude [42] .
Determination of 55 Fe and 63 Ni
Based on hydroxides precipitation, anion exchange chromatography, and extraction chromatography using Ni specific resin, we have developed an analytical procedure for determination of both 55 Fe and 63 Ni [52] . To the water samples or leachates of solid samples, stable iron (4 mg) and nickel (2 mg) and hold-back carriers (Co, Eu, etc.) were spiked, the solution was adjust to pH8-9 by addition of NaOH solution. The formed hydroxides precipitate was separated by centrifuging, and afterward was dissolved in HCl, and the sample solution was adjusted to 9.0 mol/l HCl by addition of concentrated HCl. The prepared sample solution was loaded to an anion exchange column (AG1 × 4, Cl − form), the column was rinsed using 30-40 ml of 9.0 mol/l HCl. The effluent and rinse solution were collected for 63 Ni determination. The column was rinsed with 5-6 mol/l HCl to remove 60 Co, 58 Co and Fig. 17 Schematic diagram of a combined analytical procedure for the determination of 36 Cl and 129 I in decommissioning samples other transition metals (e.g. Cu). 55 Fe on the column was eluted with 0.5 mol/l HCl. The eluate was evaporated to dryness. For the sample containing high iron or radioactive cobalt, a further purification step was added. The dried 55 Fe fraction was dissolved with 9 mol/l HCl, hold-back carriers (e.g. Co 2+ ) were spiked. The solution was loaded to a new anion exchange column. The column was rinsed with 5-6 mol/l HCl, and 55 Fe on the column was finally eluted with 0.5 mol/l HCl. The eluate was evaporated to dryness, and dissolved with 1 mol/l H 3 PO 4 to obtain a colorless solution (Fig. 18 ). The second anion exchange chromatographic purification is needed when 60 Co and 58 Co concentration are high and/or the iron content is high in the sample to get a high decontamination factors for 58 Co and 60 Co. The iron in the final solution and the original solution was measured by ICP-OES to calculate the chemical yield. In this procedure, 55 Fe is normally quantitatively recovered, a chemical yield of more than 98% was often achieved. The remaining solution was used to measure 55 Fe by LSC.
It should be mentioned, application of H 3 PO 4 to dissolve Fe(OH) 3 or Fe 2 O 3 is important, otherwise a high quench color (yellow/brown) solution is obtained, causing a low LSC counting efficiency of 55 Fe. H 3 PO 4 can not only dissolve Fe(OH) 3 and Fe 2 O 3 , but also form a colorless solution of complex of iron with H 3 PO 4 , Fig. 19 shows quench curve of 55 Fe in different amount of Fe solution and at different media (FeCl 3 , Fe-H 3 PO 4 or FeSO 4 ), a significantly improved quench level and high counting efficiency of 55 Fe was achieved by using H 3 PO 4 .
For the separation of nickel, a specific extraction resin based on dimethylglyoxime (DMG) as function group was used. Nickel can form a stable complex with DMG, Ni 2+ loaded to the Ni-resin column can be adsorbed on the resin. However, other transition metal ions (e.g. Fe 3+ , Co 2+ , Cu 2+ , etc.) can also form complexes to be adsorbed on the column. Because the complex of other transition metal with DMG are not stable, which can be removed by rinsing. For obtaining a better decontamination factor for some high radioactive radionuclides (e.g. 60 Co, 58 Co), a further separation of these transition metals is necessary. Therefore, 63 Ni was first separated from many other transition metals using anion exchange chromatography, most of 60 Co and 58 Co (DF > 10 3 ) can be removed in this step. However, rare earth elements could not form anions in HCl solution and entered the effluence with Ni. Since rare earth elements could not form complex with DMG, they could be well removed in the Ni-resin extraction chromatographic separation step. The effluent from the anion exchange column was evaporated to dryness, the residue was dissolved using 1.0 mol/l HCl. 1-2 ml of 1 mol/l ammonium citrate (depending on the amount of residue) was added to the solution to complex most of metals. Then ammonia solution was added to the solution to pH 8-9. The prepared sample solution was then Fig. 18 Diagram of analytical procedure for determination of 55 Fe and 63 Ni loaded to an extraction chromatographic column (Eichrom Ni-column, 2 ml). The column was rinsed with 0.2 mol/l ammonium citrate at pH9 to remove all possible interfering radionuclides. Ni adsorbed on the column (red band) was finally eluted using 3.0 mol/l HNO 3 . The eluate was evaporated to 0.1-0.3 ml on a hotplate, and transferred to a vial with 2 ml water. 0.1 ml of the final solution, as well as the original solution, were taken for the determination of Ni using ICP-OES for the chemical yield measurement. It was observed that nickel can be quantitatively recovered in this procedure with a chemical yield of > 98%. 63 Ni in the remaining solution was measured by LSC [52] . The preseparation of nickel from iron and cobalt was confirmed very necessary for the samples with high 60 Co and 58 Co, because the decontamination factor of Ni-column is not sufficient high to remove all radioactive isotopes of cobalt, which can cause a high interference in the measurement of 63 Ni [53] .
Determination of 41 Ca and 90 Sr
Calcium-41 is a long-lived (1.3 × 10 5 years) radionuclide decaying by electron capture, without any gamma or beta rays emission. LSC is the most suitable method for its measurement by counting its low-energy Auger electrons. 41 Ca is a neutron activation product, mainly produced in concrete biological shield, which contains high concentration of calcium and is exposed to neutrons. 90 Sr is one of the important fission products because of its high fission yield, and therefore an important radionuclide in the decommissioning of nuclear facilities. 90 Sr is a pure beta emitter, and therefore needs to be separated from all other radionuclides before measurement, especially from radioisotopes of alkaline earth metals (e.g. 131 Ba, 228, 226 Ra). In some heavy concrete used in nuclear reactors, BaSO 4 was added to obtain a better shield of radiation, the separation of 131 Ba is one of major challenge in the analysis of such type of samples. We have developed a simple precipitation method for separation of calcium from matrix and interfering radionuclides, as well as to separate calcium from strontium [54] . In this method, calcium and strontium were first released from concrete to solution. Both acid leaching and alkaline fusion were investigated, and found acid leaching using aquia regia can release almost all calcium and strontium from concrete, and more simple compared to alkaline fusion. Meanwhile, most of BaSO 4 can be removed because of its insolubility in acid solution. Sr 2+ and Ca 2+ carriers, Fe 3+ hold back carrier and 85 Sr tracer were added to the sample before separation. The leachate was then neutralized to pH8-9, all transit metals (e.g. Fe, Co, Eu, etc.) and actinides were precipitated and removed from calcium and strontium. The supernatant containing calcium and strontium was used for further separation of 41 Ca and 90 Sr. Na 2 CO 3 solution was added to the supernatant, which was heated to 95 °C and keeping for 1 h. The formed precipitate of Ca and Sr as carbonate was separated by centrifuge. The precipitate was dissolved with HCl, and 2 mg of Fe 3+ , Co 2+ , and Eu 3+ were added, and then the NaOH was added to adjust pH to 8-9. The Fe(OH) 3 precipitate was removed by centrifuging, 6 mol/l NaOH was added to the supernatant to 0.5 mol/l NaOH, and the precipitate of Ca(OH) 2 was separated by centrifuging. The supernatant was used for the separation of 90 Sr. The Ca(OH) 2 precipitate was dissolved with HCl, 2 mg of Fe 3+ . Co 2+ and Eu 3+ were added and pH adjusted to 8-9 using NaOH again. The precipitate was removed by centrifuge, and 6 mol/l NaOH was added to the supernatant to 0.5 mol/l of NaOH. Ca(OH) 2 precipitate was then separated by centrifuging. This dissolution and precipitation step were repeated. The final obtained Ca(OH) 2 precipitate was dissolved using HCl. The chemical yield was measured by determination of stable calcium in the final solution and the solution before separation. 41 Ca in the final solution was measured by LSC counting [54] . An overall Fig. 19 Quench curves of 55 Fe in different media against the iron content in the sample recovery of more than 85% was obtained, and decontamination factors to all interfering radionuclides were more than 5 × 10 4 . Figure 20 shows the analytical procedure for 41 Ca in concrete.
To the supernatant from the first Ca(OH) 2 precipitation step, HCl is added to adjust pH2. The chemical yield of strontium was measured by gamma counting of 85 Sr in the solution. After addition of Y 3+ carrier, the solution was kept 3 weeks for in-growth of 90 Y. Afterwards, Na 2 SO 4 was then added to precipitate Sr as well as Ra, and Ba as sulphate. 90 Y ingrown from 90 Sr and remained in the supernatant was then separated by Y(OH) 3 precipitation after addition NH 4 OH to pH to 8-9 and centrifuging. The precipitate was then dissolved using HCl, H 2 C 2 O 4 was added to the solution to precipitate yttrium as Y 2 (C 2 O 4 ) 3 , and the chemical yield of 90 Y was measured by weighing the dried Y 2 (C 2 O 4 ) 3 precipitate or by ICP-OES after 90 Y measurement. 90 Y in the precipitate was measured by beta counting using a low background GM counter (Risø Multi-counter), 90 Sr in the samples was calculated from the measured 90 Y with correction for chemical yield of strontium and yttrium, as well as the in-growth time of 90 Y from 90 Sr [10] .
Determination of isotopes of plutonium, americium and curium
The major isotopes of plutonium in the environment and decommissioning waste are 238 Pu 239 Pu, 240 Pu and 241 Pu, they are the important alpha and beta emitters and have to be determined in the decommissioning of nuclear facilities. Separation of plutonium mainly relies on the formation of anion complexes of Pu 4+ with NO 3 − and Cl − in high concentration of HNO 3 or HCl, and no such anion is formed for Pu 3+ , and less anion complexes of other valence sates of plutonium are formed in HCl and HNO 3 . Therefore, adjustment of valence state of plutonium is critical in the separation of plutonium. For acidified water sample or acid leachate of samples, 242 Pu and 243 Am as yield tracers and Fe 3+ as carrier were spiked. NaOH was then added to adjust pH8-9 to separate plutonium as co-precipitate with Fe(OH) 3 . The co-precipitate was dissolved with HCl, and KHSO 3 solution was added to reduce plutonium to Pu 3+ , then NaOH was added to adjust pH to 8-9 to precipitate Pu(OH) 3 with Fe(OH) 2 . The precipitate was dissolved with concentrated HCl, and then concentrated HNO 3 was added, Pu 3+ was oxidized to Pu 4+ by NO 2 − in the concentrated HNO 3 . The sample solution was prepared in 8 mol/l HNO 3 medium and loaded to an anion exchange column (AG1 × 4, Cl − form). The column was rinsed with 8 mol/l HNO 3 , the effluent and washes were combined and collected for the determination of 241 Am and 242, 244 Cm. The column was rinsed with 9 mol/l HCl, and plutonium adsorbed on the column was finally eluted using 0.05 mol/l NH 2 OH·HCl-2M HCl solution. In this case, Pu 4+ on the column was reduced to Pu 3+ , which could not form anion complex and eluted from the column. The eluate was evaporated to dryness, concentrated HNO 3 was added and heated to decompose the NH 2 OH·HCl, and the solution was evaporated to dryness again. The residue was dissolved with 0.5 mol/l HNO 3 , one aliquot was used for ICP-MS measurement of 239 Pu, 240 Pu and 241 Pu, another aliquot was evaporated to dryness again and dissolved with 0.5 mol/l H 2 SO 4 for alpha spectrometry measurement of 238 Pu after electrodeposition on a stainless steel disk [14, 55] . With this procedure, a high chemical yield up to 98% could be obtained. 241 Am and 243,244 Cm are the major radioisotopes of americium and curium in the decommissioning waste due to their relative long half-lives and high production in the nuclear reactors. The chemical properties of americium and curium are similar, and therefore could be separated together. The energies of alpha particles of 243 Cm and 244 Cm are too close to be discriminated in the alpha spectrometry, and therefore were measured together and reported as 243 Cm + 244 Cm ( 243,244 Cm). Americium and curium are often presented as Am 3+ and Cm 3+ , they cannot form anion complexes with HNO 3 and HCl in aqueous solution due to the small ion radius and strongly bound water molecules, but could form anion complexes in non-aqueous media. To the effluent from the ion exchange separation of Pu, Fe 3+ was added, and NH 3 was added to pH8-9 to form co-precipitates of Am and Cm hydroxides with Fe(OH) 3 . The precipitate was dissolved using concentrated HNO 3 . 30% H 2 O 2 was added and the solution stirred for 2 min. CH 3 OH was added to the solution to prepare the sample in 93% CH 3 OH-1.0 mol/l HNO 3 solution. The solution was then loaded to an anion exchange column (AG1 × 4, Cl − form). The column was rinsed with 1.0 mol/l HNO 3 -93%CH 3 OH and 0.1 mol/l HCl-0.5 mol/l NH 4 SCN-80% CH 3 OH, followed by 1.0 mol/l HNO 3 -93% CH 3 OH to remove interfering radionuclides and lanthanides. Am and Cm on the column were finally eluted using 1.5 mol/l HCl-86%CH 3 OH solution. The eluate was evaporated to dryness, concentrated HNO 3 was added to the residue and digested for 30 min on a hotplate and then evaporated to dryness. The residue was dissolved with 10 ml of 0.05 M H 2 SO 4 , and the solution was transferred to an electrodeposition cell to electrodeposit Am and Cm on a stainless steel disk. 241 Am and 244 Cm on the disc were finally measured by alpha spectrometry. 243 Am on the disc was also measured and used as chemical yield tracer for correction of the measured concentration of 241 Am and 234,244 Cm [14] .
A new analytical procedure using extraction chromatography was developed in our lab for separation of plutonium, americium and curium in the nuclear waste samples (Fig. 21) . The sample solution was first acidified using HCl, 242 Pu and 243 Am tracers, Fe 3+ carriers were spiked, and then NaHSO 3 was added to reduce plutonium to Pu 3+ . NaOH was added to the sample solution to adjust pH8-9 to coprecipitate Pu 3+ , Am 3+ and Cm 3+ hydroxides with Fe(OH) 2 . The precipitate was dissolved with HCl and concentrated HNO 3 was added to oxidize Pu 3+ to Pu 4+ . The sample solution was prepared in 4 mol/l HNO 3 medium, and loaded to two sequential connected columns of TEVA and DGA, the columns were then rinsed with 4 mol/l HNO 3 . Pu(NO 3 ) 2 − was adsorbed on TEVA column, while Am 3+ and Cm 3+ passed through the TEVA column, and adsorbed on DGA column by forming complex with the functional group of tetra-noctyldiglycolamide on the DGA column. Afterwards, the two columns were disconnected, TEVA column was used for separation of plutonium, and DGA column was used for separation Am and Cm. The TEVA column was rinsed with 6 mol/l HCl, and plutonium on the column was then eluted using 0.5 mol/l NH 2 OH·HCl-2 mol/l HCl solution. The DGA column was rinsed with 0.2 mol/l HCl, and Am and Cm were eluted using 0.5 M HCl. The separated plutonium and Am + Cm fractions were prepared using the same method described above for the determination of plutonium isotopes using ICP-MS and alpha spectrometry for 238 Pu, 241 Am, and 243 244 Cm.
Determination of other radionuclides
In our laboratory, the methods for the determination of 93 Mo, 94 Nb, and 135 Cs in the decommissioning wastes were also developed, and the methods for the determination of other radionuclides, such as 79 Se, 93 Zr, 126 Sn, and 151 Sm are under development. Although the concentrations of these radionuclides are very low in most of decommissioning waste, but their long half-lives make them also important in view of waste repository.
The separation of 93 Mo and 94 Nb was implemented using ion exchange chromatography followed by a purification using alumina column. After spiked the yield tracers of stable Mo, Nb and Zr and hold-back carriers, such as stable Co, Ni and Eu, the sample was prepared in 0.02 mol/l HF and loaded to a strong acidic cation exchange chromatographic column. Mo, Zr and Nb present as anions MoO 4 2− , ZrF 6 2− or NbF 6 − passed through the column, while cations including transition metals, alkali and alkaline earth metals were adsorbed on the column and removed. The effluent from the column was then loaded to a TEVA column, MoO 4 2− , ZrF 6 2− and NbF 6 − were adsorbed on the column. After rinsing with 0.02 mol/l HF solution, Zr was first eluted using 7 mol/l HCl-0.5 mol/l HF solution, Mo was eluted with 4 mol/l HF solution, and Nb was eluted with 1 mol/l HNO 3 solution. The Nb fraction was directly used for measurement of 94 Nb by gamma spectrometry after evaporated to < 5 ml. Zr fraction can be used for determination of 93 Zr after a further purification. The Mo fraction was evaporated to dryness and converted to HNO 3 medium by addition of HNO 3 and evaporated to dryness, and the residue was dissolved in 1.0 mol/l HNO 3 solution. The prepared solution was then loaded to an alumina column, after rinsing the column with 1.0 mol/l HNO 3 , 0.1 mol/l HNO 3 , water and 0.01 mol/l ammonia. MoO 4 2− adsorbed on the column was finally eluted with 25% ammonium. The eluate was evaporated to dryness and the residue was dissolved in water, which was transferred to a 20 ml vial for LSC measurement of 93 Mo. The chemical yield was obtained by measurement of stable Mo and Nb in the separation sample and the spiked sample solution using ICP-OES.
For the determination of 135 Cs, the sample solution was prepared in a neutral or slight acidic medium. Ammonium molybdophosphate (AMP) powder was added and mixed with the sample solution, AMP powder adsorbed cesium was separated by filtration. Cesium on the AMP powder was then leached out with 5 mol/l NH 4 Cl solution. By this way, most of radionuclides can be removed because of the specific adsorption of cesium on the AMP powder. The leachate was then loaded to a cation exchange chromatographic column (e.g. Bio-Rad AG 1 × − 50), Cs + was adsorbed on the column. After rinsing with H 2 O and 0.1 mol/l HNO 3 , Cs + was eluted with 1.0 mol/l HNO 3 . In this step, most of Ba was removed. The eluate was then evaporated to dryness and prepared in 5 ml of 0.5 mol/l HNO 3 for ICP-MS of 135 Cs using a triple-quadrupole ICP-MS (Agilent 8800) with N 2 O as reaction gas to eliminate the interferences including isobar (e.g. 135 Ba + ). Meanwhile, 137 Cs can be also measured by ICP-MS. In this case, no external chemical yield tracer is needed, 137 Cs can be used as an internal yield tracer. 137 Cs in the samples was first measured using gamma spectrometry, the concentration of 135 Cs was calculated using the measured 135 Cs/ 137 Cs ratio by ICP-MS and the 137 Cs concentration in the sample measured by gamma spectrometry. For the sample containing high level radioactivity of other radionuclides (e.g. 60 Co), 137 Cs can be determined by measurement of the AMP powder adsorbed cesium from the sample, in which 60 Co and many other radionuclides were removed.
The methods presented in this work have been successfully used for the characterization of various radioactive wastes from the decommissioning of research reactors in Denmark (DR-1, DR-2 and DR-3) and Australia, nuclear power reactors in Barsebäck, Sweden, and other nuclear facilities such as hot cells in Denmark. Meanwhile they were also used for characterization of radioactive waste from the operation of nuclear power plants (e.g. concentrate, ion exchange resin, etc.) in Finland. Table 2 list the sample amount required for analysis and the minimum detectable activity (MDA) of our methods for the difficultto measure radionuclides. This is mainly for the clearance samples (less contaminated). For the samples directly exposed to neutrons or highly contaminated ones, e.g. graphite, metals from reactor tank or first circulation system, ion exchange resin for purification of reactor water, small sample (0.05-0.5 g) is required depending on the radioactive level, while the MDAs for the corresponding radionuclides (in unit of Bq/mBq) are similar as listed in the table.
Conclusions
This paper presents the progress in the development of Radioanalytical methods for determination of radionuclides in ultra-low level samples in the environment, and analytical methods for the characterization of radioactive waste from decommissioning of nuclear facilities, the main achievements are briefly summarized below.
A series of radioanalytical methods have been developed
and updated for determination of low-level anthropogenic and naturally occurring radionuclides in various environmental and biological samples for environmental radioactivity investigation, environmental process and oceanographic tracing. 2. A number of highly selective pre-concentration methods using AMP powder adsorption and K 2 CuFe(CN) 6 ) impregnated cartridge filtration were developed and applied for separation of cesium from 100 to 1000 l water for determination of low-level 134 Cs and 137 Cs using gamma spectrometry. With further purification using ion exchange chromatography combined with triple quadrupole ICP-MS and N 2 O as reaction gas, a method was also developed for determination of 135 Cs in environmental samples.
3.
A simple method was developed for separation of strontium from large volume of environmental water samples (up to 100 l) and more than 20 g soil by precipitation without using highly toxic fuming nitric acid and chromate. By removal of Sr and Ra by sulfate precipitation and separation of yttrium as oxalate, 90 Sr was determination by measurement of its decay daughter of 90 Y. A rapid method based on extraction chromatography using Sr-resin was also developed for determination of 89 Sr and 90 Sr in samples of low strontium content, especially decommissioning samples, both 89 Sr and 90 Sr were determined using Cherenkov counting and LSC. 4. The stability of technetium in separation processes were investigated, a method was developed to separate technetium from large size environmental samples using co-precipitation. Ultra-low level 99 Tc in various envi- ronmental samples was determined by completely eliminating the isobaric and molecule ions interferences of Ru and Mo and sensitive measurement using ICP-MS. 5. A method based on pre-concentration using co-precipitation and ion exchange chromatographic separation was developed for simultaneous separation of plutonium and neptunium from large environmental samples based on the precisely control of the valence states of two elements. Ultra-low level 239 Pu, 240 Pu, 237 Np in environmental samples were determined using ICP-MS. 6. A series of analytical methods for determination of 129 I in various environmental samples, such as water, air, aerosol, soil, sediment, vegetation, animal tissue, etc. have been developed. The separation of iodine was mainly implemented by using a specifically designed combustion system, it allows rapid separation of iodine from various solid samples with a chemical yield up to 100%. A carrier free separation method was developed using co-precipitation to separate iodine from environmental samples and to prepare measurement target without addition of any extra iodine carrier, this is useful for the determination of natural level 129 I. A number of separation methods were developed for speciation analysis of iodine in air, aerosol, water, soil and sediment, iodide, iodate, gaseous organic iodine, gaseous inorganic iodine, iodine associated with different components were separated using these methods. These methods have been successfully applied in the investigation of environmental processes. 7. A number of innovative mass-spectrometric methods have been developed for measurement of ultra-low level radionuclides, including 99 Tc, 129 I, 236 U, 239 Pu, 240 Pu, and 237 Np. AMS measurement methods were developed for accurate determination of ultra-low level 129 I down to 10 6 -10 7 atom level. Combined with carrier free iodine separation, an AMS measurement method was developed to measure 129 I in AgI-AgCl target with microgram level iodine (< 5 µg). A direct AMS measurement method without chemical separation of iodine was developed for rapid determination of 129 I in environmental samples, with this method, 40 samples can be analyzed within 5 h and the detection limit is still 2-3 orders of magnitude lower than conventional radiometric methods. New ICP-MS methods using triple-quadrupole ICP-MS and collision/reaction gas have been developed for determination of 239 Pu, 240 Pu, 237 Np, and 236 U. With this method, the interference of uranium hydrides, and tailing of 238 U and 235 U can be significantly suppressed by using NH 3 -He and CO 2 -He as reaction gasses and two quadrupole mass separators, which enable to measure 239 Pu in a sample with Pu/U atomic ratio lower than 10 −11 by combining this measurement technique and chemical separation.
8. A series of analytical methods have been developed for the determination of difficult to measure radionuclides (e.g. 3 H, 14 C, 36 Cl, 41 Ca, 55 Fe, 63 Ni, 90 Sr, 93 Mo, 94 Nb, 129 I, 135 Cs, and isotopes of Pu, Np, Am and Cm) in various radioactive waste for decommissioning of nuclear facilities and waste repository. Special efforts were given to ensure reliability in the determination of volatile radionuclides (e.g. 3 H, 14 C, 36 Cl, 99 Tc, 129 I), simple operation and rapid separation for reducing the radiation exposure and analytical time. Some sequential analytical procedures were proposed to determine all required radionuclides in one sample, to further reduce the analytical time, the sample amount, and consequently the radiation exposure. These methods have been successfully used in the characterization of decommissioning waste from the research and power reactors in Denmark and Sweden.
